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A food web bioaccumulation model for the
accumulation of per- and polyﬂuoroalkyl
substances (PFAS) in ﬁsh: how important is renal
elimination?†
Jennifer M. Sun, *a Barry C. Kelly,
and Elsie M. Sunderland a

bc

Frank A. P. C. Gobasc

Per- and polyﬂuoroalkyl substances (PFAS) are a large class of highly ﬂuorinated anthropogenic chemicals.
Some PFAS bioaccumulate in aquatic food webs, thereby posing risks for seafood consumers. Existing
models for persistent organic pollutants (POPs) perform poorly for ionizable PFAS. Here we adapt a wellestablished food web bioaccumulation model for neutral POPs to predict the bioaccumulation behavior
of six perﬂuoroalkyl acids (PFAAs) and two perﬂuoroalkyl ether acids (HFPO-DA, 9-Cl-PF3ONS)
produced as PFAA replacements. The new model includes sorption to blood plasma proteins and
phospholipids, empirically parameterized membrane transport, and renal elimination for PFAAs.
Improved performance relative to prior models without these updates is shown by comparing
simulations to ﬁeld and lab measurements. PFAS with eight or more perﬂuorinated carbons (hpfc $ 8, i.e.,
C8 perﬂuorosulfonic acid, C10–C11 perﬂuorocarboxylic acid, 9-Cl-PF3ONS) are often the most
abundant in aquatic food webs. The new model reproduces their observed bioaccumulation potential
within a factor of two for >80% of ﬁsh species, indicating its readiness to support development of ﬁsh
consumption advisories for these compounds. Results suggest bioaccumulation of hpfc $ 8 PFAS is
primarily driven by phospholipid partitioning, and that renal elimination is negligible for these
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compounds. However, speciﬁc protein binding mechanisms are important for reproducing the observed
tissue concentrations of many shorter-chain PFAAs, including protein transporter-mediated renal
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elimination. Additional data on protein-binding and membrane transport mechanisms for PFAS are
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needed to better understand the biological behavior of shorter-chain PFAAs and their alternatives.

Environmental signicance
Exposures to PFAS have been linked to adverse health eﬀects for both humans and wildlife. Seafood ingestion is an important human exposure source for PFAS,
and bioaccumulation models are needed to support risk assessments and the development of sh consumption advisories. Here, we present a new mechanistic
aquatic food web bioaccumulation model for simulating concentrations of ionizable PFAS in sh. The model successfully reproduces observed average whole
body sh tissue concentrations within a factor of 2 for the most bioaccumulative peruoroalkyl acids and their alternatives. Model results highlight structuredependent bioaccumulation patterns, including the importance of specic protein binding mechanisms for the accumulation and elimination of PFAS with <8
peruorinated carbons.

Introduction
Per- and polyuoroalkyl substances (PFAS) are a large class of
persistent anthropogenic chemicals widely used by industry
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and in consumer products since the 1950s.1,2 Exposures to a few
well-studied peruoroalkyl acids (PFAAs) have been statistically
associated with many adverse health eﬀects in epidemiological
studies.3,4 Observed PFAA concentrations in human blood are
oen correlated with reported seafood consumption.5,6 Fish and
other seafood are the primary dietary source of peruorooctane
sulfonate (C8 PFSA or PFOS) for adults in the general European
population, and a main dietary source of the C8 PFSA and
peruoroalkyl carboxylates (PFCAs) with eight or more peruorinated carbons (hpfc $ 8) in the United States (U.S.).7,8 Fish
consumption advisories for PFAS have been implemented in
several U.S. states and are being developed in others.9–13 Food-
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web bioaccumulation models can provide helpful decisionsupport tools for such guidelines.
Mechanistic food web models that predict tissue concentrations of toxicants based on measurements in water and
sediment have been widely used to assess the bioaccumulation
potential of neutral and lipophilic persistent organic chemicals
(POPs). A key theoretical assumption of these models is that
bioaccumulation is driven by equilibrium partitioning between
the exposure medium and organism tissues. For neutral POPs,
the sorption capacity of an organism is approximated based on
partitioning to neutral storage lipids.14,15 In contrast, tissue
distributions of PFAAs and PFAA alternatives with highly acidic
functional groups are controlled by both phospholipids and
proteins.16–20 In addition, some PFAAs are eliminated via facilitated transport pathways across tissue membranes.21–23
The relative importance of partitioning to diﬀerent tissue
types varies across PFAAs.17,19,24 Limited data are available for
the C8 PFSA and C8 PFCA on kinetic processes such as organic
anion transporter-mediated renal elimination in aquatic
organisms.25,26 Bioconcentration models that are based on
either phospholipid sorption or protein binding show diﬀerent
strengths when compared to whole-body concentrations or
tissue-specic distribution patterns in sh.16,18,19,27 For example,
Dassuncao et al.20 found that concentrations of long-chain
PFAAs in marine mammal organs varied based on their phospholipid content. PFAA accumulation in sh appears to linearly
increase with longer carbon chain-length up to 11 peruorinated carbons and then declines.28,29 This behavior may be
better explained by similar curvilinear chain-length patterns
observed in tissue-specic binding proteins and renal elimination proteins.19 Both phospholipid partitioning and proteinbinding mechanisms, including active transport pathways, are
therefore important for predicting PFAA bioaccumulation.17,19
Dietary ingestion is understood to be an important uptake
pathway for many PFAAs.30–33 However, only aqueous uptake has
been included in prior mechanistic PFAA bioaccumulation
models for sh.16,18 Modications to existing models are thus
needed before such tools can be reliably used to predict accumulation in aquatic food webs.
Here, we present a new mechanistic food web model for
PFAAs and ionizable PFAA alternatives in aquatic ecosystems,
modied from a widely used bioaccumulation model for POPs.
The model includes tissue partitioning to specic binding
proteins and phospholipids, as well as renal elimination,
among other updates. We evaluate the model using previously
published lab and eld datasets for six PFAAs and two PFAA
alternatives. The utility of mechanistic bioaccumulation models
for informing regulatory and risk evaluations for PFAS is discussed based on this assessment.

Methods
Model overview
We adapted the Arnot and Gobas15 bioaccumulation model for
neutral, hydrophobic POPs in aquatic food webs to predict
whole-body tissue concentrations of PFAAs (Fig. 1). The original
model included chemical uptake through respiration and diet,
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Schematic of the PFAA model in ﬁsh, including uptake and
elimination pathways and tissue partitioning compartments. Partitioning to ﬁsh tissues drives the balance between uptake and passive
elimination (gill ventilation and fecal egestion) pathways. Renal elimination is parameterized using chain-length dependent patterns in
renal clearance-to-reabsorption ratios and renal-to-branchial elimination ratios (ESI Section 8†). The invertebrate model includes the
same uptake pathways but omits renal elimination.

Fig. 1

and chemical loss through respiration, growth dilution, and
fecal egestion. Armitage et al.16 previously adapted the same
model to describe the bioconcentration of ionizable organic
compounds in sh by including partitioning to phospholipids
and accounting for pH-dependent chemical transport across
membranes. We build on this model here by including: (1)
partitioning to both phospholipids and binding proteins, (2)
a new empirically parameterized renal elimination pathway for
sh, (3) updated model parameters for chemical absorption,
and (4) a full food web simulation.
We simulated the whole-organism food web bioaccumulation of six PFAAs because parameterization and evaluation data were readily available for these compounds:
peruorosulfonic acids (PFSAs) with six peruorinated carbons
(C6) and eight carbons (C8); peruorocarboxylic acids (PFCAs)
with eight to eleven carbons (C8–C11). We did not extend the
model to other PFAAs because controlled laboratory data for
model evaluation were not available. We additionally extended
the bioconcentration model to peruoroalkyl ether acids,
a class of PFAA replacement compounds that has been widely
detected in the environment.34,35 We evaluated one short
chained compound, HFPO-DA (hexauoropropylene oxidedimer acid, the major component of GenX), and one longchained compound, 9-Cl-PF3ONS (9-chlorohexadecauoro-3oxanone-1-sulfonic acid, the major component of F53B), for
which partitioning and evaluation data were available.
A full description of the model algorithms and parameters is
provided in the ESI (Sections 1–6†). Many PFAAs are known to
preferentially accumulate in the kidney and liver of wildlife.24
The model developed here is most suitable for assessing exposures of sh consumers rather than wildlife toxicity risk
assessments because we did not include organ-specic accumulation. For large sh, literature-reported muscle-to-whole
body conversion factors can be used to translate modeled
whole-body concentrations to muscle llet concentrations
relevant to human exposure.36
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Tissue partitioning
Five tissue phases were considered in the partitioning model:
neutral lipids, phospholipids, blood plasma binding proteins
(albumin or albumin-like proteins), non-lipid organic matter,
and water. Partitioning to neutral lipids, non-lipid organic
matter, and water follows the parameterization developed by
Armitage et al.16 for ionizable organic compounds. We used
empirical partition coeﬃcients for phospholipids to model
membrane-water distribution ratios37,38 (Tables S2, S3a, S6a and
b†). Sorption to blood plasma proteins was based on empirical
protein-water partition coeﬃcients in human serum albumin39
(Tables S2, S3b, S6a and b†). Liver fatty acid binding proteins (LFABP) are thought to contribute to elevated liver PFAS concentrations in sh and other organisms.27,40,41 We nd on a wholebody basis in sh partitioning to L-FABP is negligible compared
to blood plasma protein partitioning and therefore neglect it in
this model18,42 (ESI Sections 3 and 7†).
Respiratory uptake
Chemical uptake by phytoplankton was described using a twophase resistance model15 that we adapted to consider the
membrane-water partition coeﬃcient (Table S1†). Respiratory
uptake by invertebrates and sh was based on the ventilation
rate of each specic organism and chemical absorption eﬃciency across gill membranes (Tables S1, S2, S6a and b†). We
derived chemical absorption eﬃciencies from water using sh
bioconcentration studies27,43,44 (ESI Section 3, Tables S6a and
b†). No data were available for aquatic invertebrates, so we used
the sh values to estimate uptake.
At environmentally relevant pH, prior work has shown that
passive diﬀusion of PFAAs through lipid bilayers is pHindependent for PFSAs and only weakly pH-dependent for
PFCAs38 (ESI Section 3†). For PFCAs, transport of the neutral
species through the interior of lipid bilayer membranes is
orders of magnitude greater than that of the ionic species. As
a result, transport of the neutral PFCA fraction remains relevant
despite the extremely small size of the neutral fraction at biologically relevant pH. For PFSAs, the neutral fraction is less
important due to greater permeability of the ionic fraction
compared to PFCAs. This may reect the lower surface charge
densities and broader surface charge distribution in the larger
sulfonate headgroup compared to the carboxylate headgroup.38
Paracellular transport, ion channel transport, and/or proteinmediated transport pathways also typically become more
important than pH-dependent diﬀusive transport as chemical
ionization increases for large, charged molecules.16,45,46 We
therefore approximate gill membrane transport as pH-independent across a range of environmentally relevant conditions
and use empirically derived absorption eﬃciency parameters
(Tables S2, S6a and b; ESI Section 3†).
Dietary uptake
Dietary uptake of PFAAs for invertebrates and sh was calculated based on prey consumption rates and the chemical
absorption eﬃciency across gut membranes (Tables S1 and
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S2†). Absorption eﬃciencies were derived from uptake rates
measured in sh biomagnication studies. These studies
showed that absorption eﬃciencies increase with uorinated
chain length and are greater for PFSAs compared to PFCAs of
the same chain length.41,47 Lower dietary absorption rates were
observed in adults compared to juveniles, so we parameterized
adult and juvenile sh with diﬀerent values (ESI Section 3†).

Elimination pathways
The amount of chemical partitioned to tissues determines the
ratio between uptake and passive elimination rates (respiratory
and fecal), following the Arnot and Gobas15 model (Table S1†).
Chemical absorption eﬃciencies are higher with greater PFAA
chain length, which causes increases in both uptake and elimination rates as PFAA chain length increases. Chemical partitioning to tissues also increases with PFAA chain length and is
greater for PFSAs compared to PFCAs. As a result, respiratory
and fecal elimination rates increase more slowly and nonlinearly than uptake rates as PFAA chain-length grows (Table
S1†).
Growth dilution was modeled using previously published
empirical relationships between growth and both temperature
and organism size.15 PFAAs and the two PFAA alternatives
evaluated are not known to degrade in vivo, so chemical loss
through metabolism was not included in the model.
Substantial renal elimination of PFAAs has been observed for
some organisms. Prior in vivo studies show decreasing renal
clearance rates with increasing chain lengths for the C6–C10
PFCAs in monkeys and rats,23 and for PFSA in rats.48 To
parameterize renal elimination in a sh bioconcentration
model for PFAAs, Ng and Hungerbuhler18 used data from in
vitro studies that showed the same pattern of decreasing net
renal secretion with increasing uorinated carbon chain length.
Their analysis was conducted using renal clearance and reabsorption rate constants calculated from uptake rates measured
in cells expressing various rat organic anion transporters.22
Clearance rates increased more slowly than reabsorption rates
with increasing uorinated chain length for the C7–C10 PFCAs
(i.e., clearance-to-reabsorption rate ratio decreased from 5.9 to
1.2).
Based on these ndings, we included an empirical renal
elimination parameterization for PFAAs in sh. Our parameterization is based on in vivo rainbow trout renal elimination
rates for the C8 PFCA and C8 PFSA,25,26 and the renal clearanceto-reabsorption ratios reported in prior work.18,22 Renal
clearance-to-reabsorption ratios for PFSAs were not measured
directly in the in vitro studies, so we used ratios estimated from
the PFCA with the same number of peruorinated carbons.18
We rst calculated renal elimination rates for the C8 PFCA and
C8 PFSA in juvenile rainbow trout measured in laboratorycontrolled bioconcentration and biomagnication studies,27,41
using the ratios of renal to branchial elimination measured in
two separate studies of adult rainbow trout25,26 (Table S8†).
Renal elimination in these studies was inferred to be primarily
driven by active protein transport mechanisms. Elimination
through glomerular ltration was thought to be negligible
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because the C8 PFCA was measured to be nearly 100% bound in
the blood, and similar bound fractions are expected for other
PFAAs. We assumed the C12 PFCA renal elimination rate was
zero, which is consistent with the linear extrapolation of the
renal clearance-to-reabsorption ratios for the C7–C10 PFCAs
from Ng and Hungerbuhler.18,22 To estimate renal elimination
rates for PFAAs without measured values, we assumed a linear
relationship between the sh renal elimination rates calculated
for the C8 PFSA, C8 PFCA, and C12 PFCA (i.e., zero) and their
renal clearance-to-resorption ratios (Fig. S8†).
We then calculated renal-to-branchial elimination ratios for
all PFAAs, using branchial elimination rates modeled for the
laboratory-controlled study sh. Branchial elimination rates
were calculated as a function of the aqueous uptake rate (Table
S1; ESI Section 3,† see “chemical absorption eﬃciencies”),
which was measured for all compounds except the C9 PFCA. We
used a linear regression between uorinated carbon chain
length and aqueous uptake rate to interpolate parameterization
data for the C9 PFCA.27 Renal elimination rates for the model
application to eld study sh were then calculated using the
renal-to-branchial elimination ratios calculated from these
laboratory-controlled studies.

Data synthesis and model evaluation
We synthesized two main data sets that were useful for PFAA
model evaluation. The rst was laboratory data on bioconcentration and biomagnication of PFAAs27,41 that maintained exposure at constant levels, and provided data on
organism weight, growth rates, and chemical uptake rates. The
availability of these measured parameters allowed us to evaluate
the tissue partitioning and renal elimination parametrizations
while minimizing other uncertainties. Model performance was
quantied by comparing mean modeled and observed bioconcentration factors (BCFs) and biomagnication factors
(BMFs).
The second dataset consisted of eld observations from the
Gironde Estuary, France.33 We modeled six sh (goby [Pomatoschistus spp.], anchovy [Engraulis encrasicolus], sprat [Sprattus
sprattus], sole [Solea solea], ounder [Platichthys esus],
common seabass [Dicentrarchus labrax]) and ve invertebrate
(ragworm [Nereis diversicolor], Copepoda, Mysidacea, Gammarus
spp., white shrimp [Palaemon longirostris]) species. These
species represent a benthic food web (sole, ounder) and
a benthopelagic food web that includes both small pelagic sh
species (anchovy, sprat) and species with mixed diet and habitat
use (goby, common seabass). For invertebrates, whole organism
PFAA concentrations were directly measured. For sh species,
both whole-body and muscle tissue PFAA concentrations were
analyzed for two species, while only muscle tissue concentrations were reported for others. The authors of this study used
measured muscle-to-whole body concentration ratios to convert
to whole-body tissue concentrations for all sh species.33 We
examined the central tendency and ranges of measured water,
sediment and biota PFAA concentrations to evaluate modeling
results. For water and sediment, raw data were not reported so
we estimated the median as the midpoint between the reported
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minimum and maximum reported values. Individual sample
measurements were provided for biota and used to calculate
median values. Values below detection were represented as the
limit of detection
pﬃﬃﬃ
. For each PFAA, species with <50% detect2
able values were excluded from the model.
To evaluate specic model mechanisms or parameterizations, model results for individual species were rst assessed
using observed rather than modeled prey concentrations to
minimize potential error propagation. Food web relationships
and most environmental parameters were estimated from prior
work in the Gironde Estuary.33,49–51 To evaluate performance
across the full food web, we then modeled dietary PFAS
concentrations using the estimated median of the measured
water and sediment concentrations. Diﬀerences between
modeled and eld-reported median whole-body tissue concentrations across species and/or PFAAs were used to quantify (1)
model bias and (2) absolute model bias for PFAA j and species i,
where Cmodel is the model-predicted tissue PFAA concentration,
Cobs is the observed tissue PFAA concentration, and n is the
number of samples. A PFAA predicted with MB ¼ 2 can be
interpreted as being on average a factor of two overpredicted. A
model prediction with an AMB < 2 can be interpreted as being
within a factor of two of the observed value.
n
P

MBj ¼ 10 i¼0


logðCmodel;i Cobs;i Þ

n
P

AMBj ¼ 10 i¼0

n

(1)


logðCmodel;i Cobs;i Þ
n

(2)

For the PFAA alternatives, model bias was quantied by
comparing mean modeled and observed bioconcentration
factors. Model evaluation data were only available from two
laboratory bioconcentration studies.43,44 Dietary exposure was
not considered in these studies and therefore is not included in
our model application for these compounds. Modeled fecal
egestion was extremely low (<0.1% of total elimination) for
PFAAs in the juvenile rainbow trout BCF study, in large part due
to small sh size and low dietary consumption rates. The
alternative PFAA BCF studies followed a similar study design
and therefore we expect similarly low rates of fecal egestion. We
therefore exclude fecal elimination from the BCF models for the
alternative PFAAs.
Sensitivity analysis
We identied parameters that had the greatest impact on
modeled sh tissue concentrations by perturbing each parameter by 10% and evaluating the corresponding change in
modeled tissue concentrations. These results were used to
ðy2  y1 Þ=y1
a calculate a sensitivity ratio (SR ¼
, where x is the
ðx2  x1 Þ=x1
modeled tissue concentration and y is the model parameter).
Several modeled variables representing key biological processes
or chemical-specic mechanisms (i.e., feeding rate, ventilation
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from organism and chemical parameters such as organism
weight, dissolved oxygen concentration, or partition coeﬃcients, and directly assessed in the sensitivity analysis.
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Results and discussion
Evaluation of sh model with renal elimination
Modeling results from this study agree within a factor of two of
the observed laboratory BCF and BMF measurements for the C8
PFSA and C10–C11 PFCAs, with or without the algorithm for
renal elimination (Fig. 2, AMB < 2). For PFAAs with fewer than 8
peruorinated carbons (hpfc < 8), model results exceed observations by more than an order of magnitude without the addition of an algorithm for renal elimination (Fig. 2A). The
addition of a renal elimination algorithm reduces absolute
model bias to less than three for the C8 PFCA (PFOA), and less
than ve for the C6 PFSA in both the BCF and BMF models
(Fig. 2B). Renal elimination minimally aﬀects sh body burdens
for the more bioaccumulative compounds (C8 PFSA and C10–
C11 PFCAs) but helps to explain accumulation patterns for
PFAA with hpfc < 8 in sh. Renal elimination for PFSAs was
parameterized using protein binding data for PFCAs of the
same peruorinated chain length. Reasonable model performance based on this parameterization suggests that chainlength may play a more important role than head group for
renal elimination in sh.
For the PFAAs with hpfc < 8, the important role of renal
elimination is likely due in part to the extremely low respiratory
elimination rates characteristic of these weakly hydrophobic
and highly ionized compounds (Table S2, ESI Section 3†).
Chemical absorption eﬃciencies (EW) estimated from aqueous
uptake rates for these compounds are orders of magnitude
lower than that of neutral POPs. As a result, although the
volume of water ventilated through the gills is several orders of

Paper
magnitude greater than the volume of urinary excretion,18 the
eﬀective respiratory clearance rate (EW multiplied by gill ventilation) is still comparable to observed renal clearance rates in
sh. As PFAA chain length, and hydrophobicity, increases,
chemical absorption eﬃciencies approach the same order of
magnitude as that of neutral POPs15,16,27 (i.e. C11 PFCA, ESI
Section 3†). The overall bioaccumulation behavior of the more
hydrophobic PFAAs therefore also approaches that of neutral
POPs, for which respiratory elimination is orders of magnitude
greater and renal elimination is of negligible importance.
These patterns have been observed in limited laboratory
studies of adult rainbow trout. In two studies used to inform the
parameterization of renal-to-branchial elimination ratios in this
model, the C8 PFCA (log KOW,N ¼ 5.30, seven peruorinated
carbons) contributed about 80% of total (renal + branchial)
elimination, compared to 20% for the C8 PFSA (log KOW,N ¼
6.43, eight peruorinated carbons) (Fig. S8†). Renal elimination
for the C8 PFCA was approximately three times that of the C8
PFSA.25,26 This diﬀerence in magnitude likely reects patterns in
relative renal elimination protein binding strengths. For
example, terrestrial animal studies18,22 show an increasing role
for renal elimination with decreasing PFAA carbon chain length
for both PFCAs and PFSAs. Together, these analyses suggest
that renal elimination mechanisms in terrestrial animals may
be similarly relevant in sh. Additional laboratory data are
needed to further characterize and directly quantify the renal
elimination pathway across PFAS for aquatic species, including
further assessment of the eﬀects of uorinated carbon tail
length and functional headgroup on renal elimination rates.
Food web model evaluation
The full food web simulation considered aqueous and dietary
uptake together for both sh and invertebrates. Simulations
based on empirical (measured rather than modeled) prey
concentrations produced modeled average whole-body sh

Fig. 2 Modeled and observed mean PFAA bioconcentration factors (BCF) and biomagniﬁcation factors (BMF) based on laboratory data for
juvenile rainbow trout.27,41 The solid black line represents a 1 : 1 line (perfect agreement) between observed and modeled results, while the dotted
lines represent a factor of two and a factor of 10 diﬀerence between modeled and observed values. Panel (A) shows model results without renal
elimination and panel (B) shows results with renal elimination, which is a new process added to the model. The C9 PFCA was used as an internal
standard in the laboratory study and therefore is not shown.
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tissue concentrations that fell within a factor of 2 of observed
medians for the C8 PFSA and C10–C11 PFCAs, and within
a factor of 3.5 for the PFAAs with fewer than 8 peruorinated
carbons (C6 PFSA AMB ¼ 3.3; C8 PFCA AMB ¼ 2.2) (Fig. 3a).
Greater error for the C9 PFCA (AMB ¼ 5.7) compared to other
PFAAs likely reects uncertainty in the aqueous chemical
absorption eﬃciency, which was interpolated based on chainlength dependent patterns rather than empirically measured
(ESI Section 3†). For the food web simulation based on modeled
(rather than measured) prey concentrations, average wholebody sh tissue concentrations fell within a factor of 3 for all
PFAAs (Fig. 3b).
For the C8 PFSA and C10–C11 PFCAs, 80% of sh values
modeled using measured prey concentrations fell within
a factor of two, and all fell within a factor of three, of observed
medians across concentration ranges spanning two orders of
magnitude (empirical prey R2 ¼ 0.83; simulated prey R2 ¼ 0.71).
For the C6 PFSA and C8 PFCA, whole-body median concentrations fell within a factor of 3.5 of observed medians for individual species, and always within the range of observed values
(Fig. 3a). For the C9 PFCA, modeled values fell within a factor of
1.3–18 of observed medians likely due to parameter uncertainty,
as discussed above.
Among invertebrates, absolute model bias averaged across
species ranged from 1.3 to 2.4 for each PFAA in the empirical
prey model (Fig. 4a). Median ragworm concentrations were
underestimated by a factor of 4 and 5 for the C8 and C9 PFCAs
and overestimated by a factor of 6 for the C11 PFCA. This is
consistent with prior lab observations that showed an inverse
relationship between PFAA carbon chain length and concentrations in oligochaetes. This result likely reects higher sorption of the long chain PFAAs to sediment solids, resulting in

Environmental Science: Processes & Impacts
reduced bioavailability in the gut.52 Similar chain-length
patterns were observed for other benthic invertebrates in the
Gironde Estuary. Chain-length dependent partitioning of PFAAs
to sediment solids may thus aﬀect bioavailability more broadly
for benthic species.
Results of our model evaluation compare well with previous
studies. Modeled whole-body sh concentrations from the
multi-compartment PBTK model based on protein-binding
mechanisms developed by Ng and Hungerbuhler18 underestimated observed values by an order of magnitude or more for
all PFAAs except the C8 PFCA. Results from the phospholipidbased mass balance model for ionizable chemicals developed
by Armitage et al.16 fell outside an order of magnitude error for
at least one of the modeled PFAAs (C8–C11 PFCAs and C8 PFSA)
in alternate model versions using diﬀerent phospholipid partitioning coeﬃcients. Inclusion of both phospholipid and
protein-binding mechanisms for PFAAs improved the performance of the model developed in this study compared to these
prior PFAA bioconcentration models, indicating that both
mechanisms should be considered in future applications.
Partitioning to tissue matrices
Fig. 5 shows the relative contribution of each tissue matrix to
whole-body partitioning across PFAAs (see equation for Dbw,
Table S1†). Modeled whole-body sh tissue sorption is dominated by phospholipids for the C8 PFSA and C11 PFCAs (>70%).
In contrast, blood plasma proteins are the primary driver of
accumulation for the C6 PFSA (>70%). The relative contribution
of phospholipids to whole-body partitioning increases with
carbon chain length for both PFCAs and PFSAs. This is
consistent with prior work that showed signicant correlations
between PFAS and phospholipid concentration for only the

Field-evaluation of PFAA bioaccumulation model for ﬁsh from the Gironde Estuary, France,33 simulated using observed prey data (A) and
modeled prey values (B). The solid black line represents a 1 : 1 line (perfect agreement), while the dotted lines represent a factor of two and
a factor of 10 diﬀerence between modeled and observed values. Circles show modeled values based on median water/sediment/prey
concentrations and error bars represent minimum and maximum reported exposure concentrations. Model error in (A) primarily reﬂects model
performance for individual ﬁsh species, while model error in (B) includes error propagated from lower trophic levels. In general, modeled
variability is lower than observed, and is lower in (B) than (A) due to error propagation. Observed variability likely includes additional variability not
included in the model, such as variability in organism or environmental parameters.
Fig. 3
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Fig. 4 Field-evaluation of PFAA bioaccumulation model for invertebrates from the Gironde Estuary, France.33 Results are simulated using

observed prey data33 (A) and modeled prey values (B). The solid black line represents a 1 : 1 line (perfect agreement), while the dotted lines
represent a factor of two and a factor of 10 diﬀerence between modeled and observed values. Circles show modeled values based on median
water/sediment/prey concentrations and error bars represent minimum and maximum reported exposure concentrations. Model error in (A)
primarily reﬂects model performance for individual invertebrate species, while model error in (B) includes error propagated from lower trophic
levels. In general, modeled variability is lower than observed, and is lower in (B) than (A) due to error propagation. Observed variability likely
includes variability not included in the model, such as variability in organism or environmental parameters.

Fig. 5 Modeled whole-body partitioning of PFAAs in ﬁsh to ﬁve tissue
types: phospholipids, blood plasma proteins, neutral storage lipids,
non-lipid organic matter (NLOM) such as carbohydrates and structural
proteins, and water. Less than 1% of the total chemical mass is estimated to remain unbound in the aqueous phase (water).

long-chained PFAAs, and greater increases in PFAA concentration for a given increase in phospholipid content with
increasing PFAA chain length.20 Conversely, the relative contribution of blood plasma proteins decreases with carbon chain
length, contributing less than 30% of whole-body partitioning
for the C8 PFSA and C9–C11 PFCAs.
For both PFCAs and PFSAs, the strength of partitioning
increases linearly and more rapidly across chain lengths for
phospholipids compared to proteins. This may reect greater
hydrophobic tail-group interactions in phospholipid
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partitioning compared to protein binding.53,54 This chain-length
dependent pattern in tissue partitioning is particularly
pronounced between the C6 and C8 PFSAs. Blood plasma
protein partitioning strengths for these two PFSAs are comparable, unlike PFCAs of the same chain-length diﬀerence, while
phospholipid partitioning strengths increase more log-linearly
across chain lengths for both PFCAs and PFSAs. Accordingly,
model results show that both phospholipids and proteins are
relevant for the shorter-chained PFCAs in this study, while
blood plasma proteins appear to strongly dominate partitioning
for the C6 PFSA (Fig. 5).
Data from mammalian albumin studies were used to
parameterize partitioning to blood plasma proteins in this
model.39 Reasonable model performance suggests that terrestrial organism partitioning data can reasonably be extrapolated
to sh blood plasma proteins. Albumin or albumin-like protein
content is lower in sh compared to humans and other terrestrial organisms and comprises only approximately one-third of
the volume of phospholipids in sh55 (ESI Section 7†). The
impact of uncertainty in the blood plasma protein partitioning
parameters on modeled whole-body tissue concentrations is
therefore limited in magnitude by the small volume contribution of blood plasma proteins as a tissue medium (0.3%). This is
particularly true for PFAAs that are strongly partitioned to
phospholipids (i.e., C8 PFSA, C9–C11 PFCAs). For these
compounds, sensitivity ratios for both the blood plasma protein
partitioning and volume parameters are low (jSRj < 0.3; ESI
Section 9†). Sensitivity ratios for these parameters for PFAAs
with hpfc < 8 are higher (C6 PFSA > 0.6, C8 PFCA > 0.45),
reecting the larger contribution of blood plasma proteins to
total tissue partitioning for these compounds. This suggests

This journal is © The Royal Society of Chemistry 2022
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that uncertainty in blood plasma protein partitioning parameters could play a role in the modeled errors for the C6 PFSA and
C8 PFCA but has limited impact on the other modeled PFAAs.
Albumin protein binding studies show a curvilinear relationship between binding strength and PFCA chain length, potentially further decreasing the role of blood plasma protein
binding for the long-chained PFCAs.39,54,56,57
Data on phospholipid partition coeﬃcients and volume
content are more available than for albumin protein parameters, and less variable across both studies and species16,37,38 (ESI
Section 3†). The most bioaccumulative PFAAs (C8 PFSA, C10–
C11 PFCAs) are more strongly inuenced by phospholipid partitioning, with higher sensitivity ratios for the phospholipid
partitioning coeﬃcient (>0.4) compared to PFAAs with hpfc < 8
(<0.3). Together, this suggests that current model parameterization of tissue partitioning is most robust for these morebioaccumulative PFAAs. This contributes to better model
performance for the C8 PFSA and C10–C11 PFCAs across model
evaluation datasets, when compared to PFAAs with hpfc < 8.

Dietary consumption is a key uptake pathway across PFAAs
Model results suggest dietary consumption rather than direct
PFAA uptake from water is the dominant PFAA uptake pathway
for all sh in the Gironde Estuary. Dietary uptake accounted for
>95% of total uptake for benthic sh (sole, ounder) and >80%
of total uptake for species in the benthopelagic food web (goby,
anchovy, sprat, common seabass). These results hold for all
PFAAs, including those with fewer than eight peruorinated
carbons.
Strong dietary uptake of neutral POPs is typically associated
with strong hydrophobicity and bioaccumulation potential
(log Kow > 5).15 In contrast, the dominance of modeled dietary
uptake in this case study is driven primarily by the high eﬃciency of gut chemical absorption eﬃciency (>101) relative to
gill chemical absorption eﬃciency (104 to >101). Ionizable
chemicals like PFAA exhibit slow gill membrane transport
rates58 compared to neutral POPs (gill chemical absorption
eﬃciency >101).46 Aqueous uptake rates of the least hydrophobic PFAAs are orders of magnitude lower than that of
neutral POPs. In contrast, dietary uptake rates for all measured
PFAAs are within the same order of magnitude as neutral POPs.
This is likely due to the longer residence times of PFAAs in the
gut and intestines compared to the gills,15,17,41,47 which is further
extended by enterohepatic recirculation of PFAAs.59 Therefore,
despite the high aqueous solubility of PFAA and large volumes
of water ventilated by sh, aqueous uptake for the least hydrophobic PFAAs can remain low relative to dietary uptake.
These results illuminate a mechanism that allows dietary
consumption to be the dominant contributor to total chemical
uptake for PFAAs, even when biomagnication is not
observed.45,46,55 In theory, dietary absorption of contaminants
will drive biomagnication in an organism that is otherwise at
equilibrium with its aqueous surroundings.60 However, active
loss pathways such as renal elimination may play a role in
lowering tissue concentrations relative to expectations based on
equilibrium partitioning, particularly for PFAAs with hpfc < 8.
This journal is © The Royal Society of Chemistry 2022
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Factors like food digestibility, organism bioenergetics, and the
stochasticity of dietary uptake can inuence the observation of
biomagnication in eld systems.61–63 As illustrated by the
Gironde Estuary case study, these uptake patterns may be most
likely in environments with elevated sediment PFAA concentrations and/or particulate loads that drive high dietary uptake
at the base of the food web.
Gill membrane transport rates substantially inuence the
relative importance of diﬀerent exposure pathways in each
ecosystem, and consequently, overall model performance. The
aqueous chemical absorption eﬃciency parameter, which
describes gill membrane transport, is among the most sensitive
parameters in this model, with the absolute values of the
sensitivity ratios >0.6 for all PFAAs (ESI Section 9†). Mechanistic
understanding of factors driving variability in gill membrane
transport rates for PFAA are limited. Prior work focused
primarily on the role of pH in driving diﬀusive transport rates.38
Aqueous chemical absorptions eﬃciencies for individual
PFAAs, calculated from uptake rates measured in bioconcentration studies, vary up to two orders of magnitude
among studies.25–27,64,65 It is unclear how much of this variability
is driven by measurement uncertainty and diﬀerences in
measurement methods, rather than ecosystem or organism
characteristics. In addition to pH, factors such as salinity and
ventilation rate have been postulated as potential sources of
variability in respiratory uptake, but systematic studies of these
factors have been scarce.25,66,67 Additional data on gill
membrane transport and drivers of variability in gill uptake
would improve model performance and generalizability, as well
as our understanding of the relative importance of dietary
exposure pathways.

Bioconcentration of ionizable PFAA alternatives
Since the mid-2000s, PFAS production has been increasingly
shiing from PFAAs toward uoroalkyl compounds with shorter
carbon chains and new PFAS chemistries.1,2,68 However, in some
cases uorinated alternatives that were designed to be less
bioaccumulative or to degrade into short-chained PFAAs also
bioaccumulate34,69,70 and models for these alternative
compounds are needed. We evaluated model performance for
an alternative compound that has been observed to bioaccumulate in aquatic organisms (9-Cl-PF3ONS), and one that
has not (HFPO-DA).34,43,44,69
Modeled BCFs for both HFPO-DA and 9-Cl-PF3ONS fell
within a factor of two of observed concentrations, without
modeled metabolism or renal elimination (Tables S6a and b†).
This suggests that the current parameterization of tissue partitioning and aqueous chemical absorption eﬃciency are suﬃcient to represent whole-body bioaccumulation behavior of
these compounds. Prior work showed that predicted surface
charge densities for these ether-linked compounds were similar
to their analogous PFAAs with similar chain lengths (C4–C6
PFCAs and C8–C9 PFSAs, respectively), resulting in similar
partitioning behavior as PFAAs for both phospholipids and
albumin38,39 (ESI Section 6†). Estimated aqueous chemical
absorption eﬃciencies were also within the range of expected
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values for the alternatives based on chain length alone,
although directly comparable empirical measurements for the
HFPO-DA are not available. Low aqueous chemical absorption
eﬃciencies for the HFPO-DA relative to the C8 PFCA (an order of
magnitude lower) may be due to its comparatively shorterchained (C6) and branched structure. Similar patterns have
been observed for the C8 PFSA, with lower uptake rates observed
for the branched versus linear isomers.42
We hypothesize that the apparent lack of a role for modeled
renal elimination in these PFAA alternatives is driven by their
peruorinated carbon chain structures. For 9Cl-PF3ONS, the
lack of renal elimination is consistent with our results for the
PFAAs with a similar or longer peruorinated chain length. For
HFPO-DA, the short uoroalkyl-chain may also result in weak
binding to renal elimination proteins. Steric hindrance from
branched carbon chain tails has been observed to result in
weaker albumin protein binding for branched C8 PFSA
compared to the linear isomer,71 and a similar phenomenon
could also be contributing to slightly weaker protein binding
relative to patterns observed for PFCAs. HFPO-DA partitioning
to albumin proteins, for example, is weaker than for the C6
PFCA.39 PFCAs with <6 peruorinated carbons did not appreciably bind to rat renal elimination proteins in in vitro protein
transport studies, suggesting the same could be true for HFPODA.22,39 Overall, model results suggest that the low bioaccumulation of HFPO-DA can be explained by low sorption to
tissue matrices alone.
This example demonstrates the model's applicability to
a common class of PFAA alternatives, the peruoroalkyl ether
acids. Experimental studies highlight the potential for variability in bioaccumulation patterns for new PFAS chemistries,
but also demonstrate the ongoing need for empirical studies to
improve our understanding of structure–activity relationships
driving partitioning and membrane transport processes.
Studies linking experimental data and molecular models across
a wider range of functional group substitutions can play an
important role in building our understanding of structure–
activity relationships that will ultimately improve our ability to
predict key bioaccumulation behaviors for alternative PFAS
classes.

Implications for future work
The model developed in this study currently performs best for
the most bioaccumulative PFAAs and their alternatives (C8
PFSA, C10–C11 PFCAs, 9-Cl-PF3ONS). For these compounds,
our analysis suggests that renal elimination plays a limited
role, and therefore whole-body concentrations can be reasonably described by equilibrium partitioning processes. Modeled
median concentrations fell within a factor of three of observed
concentrations across whole-body organism concentrations
spanning 2–3 orders of magnitude. While PFAS production has
increasingly shied towards shorter-chained compounds,1,2,68
eld studies show that these more bioaccumulative
compounds continue to dominate measurable PFAS body
burdens, due to their extensive historical use, environmental
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persistence, and comparatively greater bioaccumulative
potential.72,73
Based on the performance indicators discussed in this study,
the model developed here can assist in understanding patterns
of accumulation of these more-bioaccumulative PFAS in sh
within and across ecosystems. It is relatively simple, enabling
adaptation for regulatory and risk assessment contexts,
including screening-level risk assessments and the development of environmental quality guidelines.74 For example, sh
consumption advisories have been developed in several states,
thus far primarily for the C8 PFSA.9,10,13,75–77 In states where
health-based guidelines have been developed for multiple PFAS,
the C8 PFSA remains the most commonly detected PFAS that
drives the development of advisories.10,13 This model can be
used as a tool to predict tissue C8 PFSA concentrations in
diverse ecosystems. It can also identify systems at higher risk for
PFAA bioaccumulation that can be prioritized for further
monitoring or risk assessment.
Bioaccumulation models for shorter-chained PFAAs and
PFAA alternatives are increasingly needed. Our analysis highlights key opportunities to further improve mechanistic
understanding of structure–activity relationships that can
inform a more generalizable estimation of key model parameters. Overall, our results suggest that both sh blood plasma
protein and renal elimination protein binding are important
bioaccumulation drivers for shorter-chained compounds,
including the C8 PFCA and C6 PFSA. Renal elimination in sh
may be of limited importance for the shortest-chained (<6
peruorinated carbons) compounds due to weak binding to
renal elimination proteins. Additional characterization of renal
elimination rates and associated protein transport mechanisms
are needed to further evaluate these hypotheses. More generally, additional empirical measurement of protein binding
mechanisms is a priority for further model development, given
the sensitivity of these mechanisms to functional group variations in newer PFAS classes, and the potential for non-linear
chain-length binding patterns.18,19,78 Continued development
of computational models for predicting these parameters across
PFAS groups will also play an important role in facilitating the
extension of this model to a growing number of shorter-chained
PFAS.
Improved estimates of aqueous and dietary absorption eﬃciencies for PFAS based on cellular uptake or membrane
permeability studies are also greatly needed. These parameters
are among the most sensitive model parameters for all PFAS,
but are highly variable and poorly characterized. The
empirically-based parameter values used in this study deviate
from the pH- and Kow-dependent patterns presented in previous
models of membrane transport for ionizable or neutral chemicals,15,16 but sparse PFAA-specic data currently limits the
development of a mechanistic parameter sub-model that
accounts for potential drivers of variability, such as salinity, pH,
or active transport. Characterization of these key membrane
transport rates across PFAS structures, as well as potential
environmental and organism characteristics driving variability
in these parameters, are needed to both improve model
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adaptability across a range of environmental conditions, and
aid in model extension to emerging PFAS classes.
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L. Barregård, S. Ceccatelli, J.-P. Cravedi, T. I. Halldorsson,
L. S. Haug, N. Johansson, H. K. Knutsen, M. Rose,
A.-C. Roudot, H. Van Loveren, G. Vollmer, K. Mackay,
F. Riolo and T. Schwerdtle, Risk to Human Health Related
to the Presence of Peruoroalkyl Substances in Food, EFSA
J., 2020, 18(9), e06223, DOI: 10.2903/j.efsa.2020.6223.
8 K. Y. Christensen, M. Raymond, M. Blackowicz, Y. Liu,
B. A. Thompson, H. A. Anderson and M. Turyk,
Peruoroalkyl Substances and Fish Consumption, Environ.
Res., 2017, 154, 145–151, DOI: 10.1016/j.envres.2016.12.032.
9 Great Lakes Consortium on Fish Consumption Advisories,
Best Practice for Peruorooctane Sulfonate (PFOS) Guidelines,
2019.
10 S. M. Goodrow, B. Ruppel, R. L. Lippincott, G. B. Post and
N. A. Procopio, Investigation of Levels of Peruoroalkyl
Substances in Surface Water, Sediment and Fish Tissue in
New Jersey, USA, Sci. Total Environ., 2020, 729, 138839,
DOI: 10.1016/j.scitotenv.2020.138839.
11 Michigan Department of Environmental Quality, Michigan
DEQ Reconnaissance Sampling of PFC in Michigan Surface
Waters and Fish 2010–2014, 2015.
12 New Hampshire Department of Environmental Services, L.
PFAS Baseline Study Lake Fish Specimen, Surface Water, and
Sediment, 2021, p. 200.
13 Massachusetts Department of Public Health, Evaluation of
PFAS in Recreational Waterbodies in Massachusetts, 2021, p.
29.
14 F. A. P. C. Gobas and D. MacKay, Dynamics of Hydrophobic
Organic Chemical Bioconcentration in Fish, Environ.
Toxicol. Chem., 1987, 6(7), 495–504, DOI: 10.1002/
etc.5620060702.
15 J. A. Arnot and F. A. P. C. Gobas, A Food Web
Bioaccumulation Model for Organic Chemicals in Aquatic
Ecosystems, Environ. Toxicol. Chem., 2004, 23(10), 2343–
2355, DOI: 10.1897/03-438.
16 J. M. Armitage, J. A. Arnot, F. Wania and D. Mackay,
Development and Evaluation of a Mechanistic
Bioconcentration Model for Ionogenic Organic Chemicals
in Fish, Environ. Toxicol. Chem., 2013, 32(1), 115–128, DOI:
10.1002/etc.2020.
17 J. M. Armitage, R. J. Erickson, T. Luckenbach, C. A. Ng,
R. S. Prosser, J. A. Arnot, K. Schirmer and J. W. Nichols,
Assessing the Bioaccumulation Potential of Ionizable
Organic Compounds: Current Knowledge and Research
Priorities, Environ. Toxicol. Chem., 2017, 36(4), 882–897,
DOI: 10.1002/etc.3680.
18 C. A. Ng and K. Hungerbühler, Bioconcentration of
Peruorinated Alkyl Acids: How Important Is Specic
Binding?, Environ. Sci. Technol., 2013, 47(13), 7214–7223,
DOI: 10.1021/es400981a.
19 C. A. Ng and K. Hungerbühler, Bioaccumulation of
Peruorinated Alkyl Acids: Observations and Models,

Environ. Sci.: Processes Impacts, 2022, 24, 1152–1164 | 1161

View Article Online

Environmental Science: Processes & Impacts

Open Access Article. Published on 25 May 2022. Downloaded on 10/10/2022 7:22:07 PM.
This article is licensed under a Creative Commons Attribution 3.0 Unported Licence.

20

21

22

23

24

25

26

27

28

29

Environ. Sci. Technol., 2014, 48(9), 4637–4648, DOI: 10.1021/
es404008g.
C. Dassuncao, H. Pickard, M. Pfohl, A. K. Tokranov, M. Li,
B. Mikkelsen, A. Slitt and E. M. Sunderland, Phospholipid
Levels Predict the Tissue Distribution of Poly- and
Peruoroalkyl Substances in a Marine Mammal, Environ.
Sci. Technol. Lett., 2019, 6(3), 119–125, DOI: 10.1021/
acs.estlett.9b00031.
M. E. Andersen, H. J. Clewell, Y.-M. Tan, J. L. Butenhoﬀ and
G. W. Olsen, Pharmacokinetic Modeling of Saturable, Renal
Resorption of Peruoroalkylacids in Monkeys—Probing the
Determinants of Long Plasma Half-Lives, Toxicology, 2006,
227(1–2), 156–164, DOI: 10.1016/j.tox.2006.08.004.
Y. M. Weaver, D. J. Ehresman, J. L. Butenhoﬀ and
B. Hagenbuch, Roles of Rat Renal Organic Anion
Transporters in Transporting Peruorinated Carboxylates
with Diﬀerent Chain Lengths, Toxicol. Sci., 2010, 113(2),
305–314, DOI: 10.1093/toxsci/kfp275.
X. Han, D. L. Nabb, M. H. Russell, G. L. Kennedy and
R. W. Rickard, Renal Elimination of Peruorocarboxylates
(PFCAs), Chem. Res. Toxicol., 2012, 25(1), 35–46, DOI:
10.1021/tx200363w.
A. O. De Silva, J. M. Armitage, T. A. Bruton, C. Dassuncao,
W. Heiger-Bernays, X. C. Hu, A. Kärrman, B. Kelly, C. Ng,
A. Robuck, M. Sun, T. F. Webster and E. M. Sunderland,
PFAS Exposure Pathways for Humans and Wildlife: A
Synthesis of Current Knowledge and Key Gaps in
Understanding, Environ. Toxicol. Chem., 2021, 4935, DOI:
10.1002/etc.4935.
D. M. Consoer, A. D. Hoﬀman, P. N. Fitzsimmons,
P. A. Kosian and J. W. Nichols, Toxicokinetics of
Peruorooctanoate
(PFOA)
in
Rainbow
Trout
(Oncorhynchus Mykiss), Aquat. Toxicol., 2014, 156, 65–73,
DOI: 10.1016/j.aquatox.2014.07.022.
D. M. Consoer, A. D. Hoﬀman, P. N. Fitzsimmons,
P. A. Kosian and J. W. Nichols, Toxicokinetics of
Peruorooctane Sulfonate in Rainbow Trout (Oncorhynchus
Mykiss): Toxicokinetics of PFOS in Trout, Environ. Toxicol.
Chem., 2016, 35(3), 717–727, DOI: 10.1002/etc.3230.
J. W. Martin, S. A. Mabury, K. R. Solomon and D. C. G. Muir,
Bioconcentration and Tissue Distribution of Peruorinated
Acids in Rainbow Trout (Oncorhynchus Mykiss), Environ.
Toxicol. Chem., 2003, 22(1), 196–204, DOI: 10.1002/
etc.5620220126.
L. P. Burkhard, Evaluation of Published Bioconcentration
Factor (BCF) and Bioaccumulation Factor (BAF) Data for
Per- and Polyuoroalkyl Substances Across Aquatic Species,
Environ. Toxicol. Chem., 2021, 40(6), 1530–1543, DOI:
10.1002/etc.5010.
M. G. Evich, M. J. B. Davis, J. P. McCord, B. Acrey,
J. A. Awkerman, D. R. U. Knappe, A. B. Lindstrom,
T. F. Speth, C. Tebes-Stevens, M. J. Strynar, Z. Wang,
E. J. Weber, W. M. Henderson and J. W. Washington, Perand Polyuoroalkyl Substances in the Environment,
Science, 2022, 375(6580), eabg9065, DOI: 10.1126/
science.abg9065.

1162 | Environ. Sci.: Processes Impacts, 2022, 24, 1152–1164

Paper
30 J. W. Martin, D. M. Whittle, D. C. G. Muir and S. A. Mabury,
Peruoroalkyl Contaminants in a Food Web from Lake
Ontario, Environ. Sci. Technol., 2004, 38(20), 5379–5385,
DOI: 10.1021/es049331s.
31 M. Houde, A. O. De Silva, D. C. G. Muir and R. J. Letcher,
Monitoring of Peruorinated Compounds in Aquatic Biota:
An Updated Review: PFCs in Aquatic Biota, Environ. Sci.
Technol., 2011, 45(19), 7962–7973, DOI: 10.1021/es104326w.
32 G. L. Lescord, K. A. Kidd, A. O. De Silva, M. Williamson,
C. Spencer, X. Wang and D. C. G. Muir, Peruorinated and
Polyuorinated Compounds in Lake Food Webs from the
Canadian High Arctic, Environ. Sci. Technol., 2015, 49(5),
2694–2702, DOI: 10.1021/es5048649.
33 G. Munoz, H. Budzinski, M. Babut, H. Drouineau,
M. Lauzent, K. L. Menach, J. Lobry, J. Selleslagh,
C. Simonnet-Laprade and P. Labadie, Evidence for the
Trophic Transfer of Peruoroalkylated Substances in
a Temperate Macrotidal Estuary, Environ. Sci. Technol.,
2017, 51(15), 8450–8459, DOI: 10.1021/acs.est.7b02399.
34 G. Munoz, J. Liu, S. Vo Duy and S. Sauvé, Analysis of F-53B,
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